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ABSTRACT / Best management practices (BMPs) have been
developed to address soil loss and the resulting sedimentation of
streams, but information is lacking regarding their benefits to
stream biota. We compared instream physical habitat and inver-
tebrate and fish assemblages from farms with BMP to those
from farms with conventional agricultural practices within the
Whitewater River watershed of southeastern Minnesota, USA, in
1996 and 1997. Invertebrate assemblages were assessed using
the US EPA’s rapid bioassessment protocol (RBP), and fish as-
semblages were assessed with two indices of biotic integrity
(IBls). Sites were classified by upland land use (BMP or conven-
tional practices) and riparian management (grass, grazed, or

wooded buffer). Physical habitat characteristics differed across
buffer types, but not upland land use, using an analysis of covari-
ance, with buffer width and stream as covariates. Percent fines
and embeddedness were negatively correlated with buffer width.
Stream sites along grass buffers generally had significantly lower
percent fines, embeddedness, and exposed streambank soil, but
higher percent cover and overhanging vegetation when com-
pared with sites that had grazed or wooded buffers. RBP and IBI
scores were not significantly different across upland land use or
riparian buffer type but did show several correlations with in-
stream physical habitat variables. RBP and IBI scores were both
negatively correlated with percent fines and embeddedness and
positively correlated with width-to-depth ratio. The lack of differ-
ence in RBP or IBl scores across buffer types suggests that bi-
otic indicators may not respond to local changes, that other fac-
tors not measured may be important, or that greater
improvements in watershed condition are necessary for changes
in biota to be apparent. Grass buffers may be a viable alternative
for riparian management, especially if sedimentation and stream-
bank stability are primary concerns.

Water pollution in the United States is a common
and widespread problem. Currently, most water pollu-
tion is attributed to nonpoint sources (US Environmen-
tal Protection Agency 1996). As the name implies, non-
point-source pollution arises across wide areas, such as
agricultural fields throughout a watershed. Agriculture
is currently the leading source of water pollution and a
contributing factor to impairment of 70% of streams
considered impaired in the 1996 National Water Qual-
ity Inventory (US Environmental Protection Agency
1996).

For streams included in the 1996 US Environmental
Protection Agency (USEPA) survey, the most common
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agricultural pollutant was sediment, which was a con-
tributing factor for 50% of impaired streams (US Envi-
ronmental Protection Agency 1996). Agricultural prac-
tices can contribute sediment to streams in several ways.
In row-crop agriculture, bare soil between rows is easily
eroded and can be transported to streams via runoff
(Waters 1995). Grazing in riparian areas can reduce
vegetation on streambanks, making them more suscep-
tible to erosion (Kauffman and Krueger 1984, Trimble
and Mendel 1995, Fitch and Adams 1998, Strand and
Merritt 1999). Sediment delivered to streams can either
be suspended and create turbid water, or settle to the
stream bottom. Although some sediment input to
streams is natural, excessive sediment is a pollutant and
can have negative effects on stream biota (Waters
1995).

Due to the negative impacts of sedimentation on fish
and invertebrates, and the impact of soil loss on agri-
cultural productivity, reduction of soil erosion and sed-
iment delivery to streams has been a major goal of
conservation agencies. Several strategies have been em-
ployed to reduce soil erosion. One is to remove mar-
ginal lands from production, as in the Conservation
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Reserve Program (CRP). Other solutions fall under the
umbrella of techniques known as best management
practices (BMPs). BMPs are intended to reduce agri-
cultural soil loss while at the same time allowing land to
remain in production (Amemiya 1970).

BMPs for row-crop agriculture employ alternative
methods of tillage (e.g., chisel plow, ridge till, contour
plowing, strip cropping, etc.). BMP tillage does not till
residue under completely, as does conventional tillage
with a moldboard plow, but leaves some on the surface
to hold soil in place and retard the movement of soil
suspended in runoff (Amemiya 1970). Riparian buffers
act as a BMP by filtering sediment from agricultural
runoff (Wilkin and Hebel 1982, Daniels and Gilliam
1996) and by stabilizing streambanks. Riparian buffers
also benefit streams by conserving riparian vegetation
and preventing streambank trampling by livestock
(Johnson and Moldenhauer 1970, Marcuson 1977,
Barling and Moore 1994, Trimble and Mendel 1995).
Wider buffers have shown increased capacity to filter
sediment (Erman et al. 1977, Neibling and Alberis
1979, Dillaha et al. 1989). Comparisons of grass, trees,
and grazed buffers have yielded conflicting results, with
some studies finding grass buffers to be superior at
filtering sediment (Rabeni and Smale 1995, Daniels
and Gilliam 1996), whereas others have found trees to
be best (Erman et al. 1977, Beschta and Platts 1986).
Although there have been studies of the relative soil
loss from different types of tillage (Blevins et al. 1990,
Razavian 1990, Gaynor and Findlay 1995), and compar-
isons of sedimentation rates from different riparian
buffer types (Erman et al. 1977, Beschta and Platts
1986, Daniels and Gilliam 1996), assessment of their
benefits to stream biota is lacking.

Reductions in sediment input from agriculture are
important to stream biota because many invertebrates
and fishes require a streambed relatively free of fine
sediment (Minshall 1984, Waters 1995). Excess
amounts of sediment deposited in the stream can re-
duce food resources and habitat for invertebrates by
covering hard substrates and filling interstitial spaces.
Invertebrates that scrape algae from hard substrates for
food are expected to decline. In contrast, invertebrates
that filter food from the water column will increase.
Herbivorous fish similarly decline with increasing sedi-
mentation and are replaced by generalist and omnivo-
rous feeders (Berkman and Rabeni 1987). Inverte-
brates that require interstitial spaces tend to decline
with increases in sedimentation and are usually re-
placed by burrowing taxa that prefer silt habitats (Lenat
et al. 1979, 1981, Lemly 1982). The density of inverte-
brates may decrease with the loss of invertebrates sen-
sitive to sedimentation (Lemly 1982), but densities of-

ten remain the same due to an increase in the
abundance of sediment-tolerant taxa (Lenat et al.
1979). Fish reproductive success can also decrease due
to sedimentation that can smother eggs (Cordone and
Kelly 1961, Platts and Megahan 1975, Berkman and
Rabeni 1987, Chapman 1988).

Due to their ease of interpretation, water quality or
physical habitat sampling, such as the protocols sug-
gested by Platts et al. (1987), were historically used
more often than biotic indicators to determine impacts
of pollution (Cairns and Pratt 1993, Davis 1995). As
understanding of the responses of fish and inverte-
brates to pollution has increased, use of biotic indica-
tors of environmental conditions has grown, either
alone or in conjunction with physical habitat monitor-
ing (Karr 1981, Cairns and Pratt 1993). Biotic indica-
tors are advantageous because a host of environmental
factors are integrated by the community (Karr 1981,
Karr et al. 1986). Biota also incorporate a longer time
period than a measure of physical habitat at a fixed
point (Karr 1981, Karr et al. 1986). Therefore, sam-
pling only physical habitat parameters may miss critical
impacts that biotic indicators may reflect.

Based upon knowledge of how nonpoint sources affect
fish and invertebrates, metrics to quantify differences in
aquatic communities have been developed. Responses by
invertebrates and fish to nonpointsource degradation
have been detected by examining changes in trophic,
reproductive and functional feeding guilds (Berkman
and Rabeni 1987, Platkin et al. 1989); species richness
(Hendicks et al. 1980, Lemly 1982, Cooper 1987, Lenat
and Crawford 1994); and tolerance to pollution (Hilsen-
hoff 1982 and 1987). Impacts can more easily be detected
when using an approach such as the index of biological
integrity (IBI) or the rapid bioassessment protocol (RBP),
which integrates several metrics rather than simply using
a single metric (Karr 1987, Plafkin et al. 1989).

The goal of this study was to compare the effects of
conventional and BMP agricultural practices, including
riparian buffers, on stream ecosystems. Our specific ob-
jectives were to compare upland practices and riparian
management types using physical habitat variables (Platts
and others 1983), upland practices and riparian manage-
ment types using multimetric indices for invertebrates
(Plaftkin and others 1989) and fish (Karr and others
1986), and to relate multimetric indices to physical habi-
tat variables.

Methods

Study Site

The Whitewater basin drains approximately 100,000
ha in the southeastern Minnesota counties of Olmsted,



Winona, and Wabasha. The Whitewater River has three
main branches, the North, Middle, and South, which
meet to form the main stem before emptying into the
Mississippi River (Figure 1).

The topography of the watershed has been shaped
by glacial history (Broussard et al. 1975). The basin lies
within a relatively unglaciated region that Omernik and
Gallant (1988) termed the Driftless Area Ecoregion.
However, the main branches originate in a glaciated,
relatively flat area, the Western Corn Belt Plains (Omer-
nik and Gallant 1988). The streams meander and flow
slowly through rolling plains before entering deep, un-
glaciated valleys in the middle portion of the water-
shed. The unglaciated valleys receive significant inputs
of groundwater from underlying limestone and sand-
stone bedrock. The upper portions of all three
branches, which receive little groundwater input, har-
bor a warmwater fish assemblage including darters,
minnows, and suckers. The middle and lower portions
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Figure 1. Location of study
sites within the Whitewater
River watershed in southeastern
Minnesota. Numbers associated
with each site indicate buffer
condition; 1 = wooded, 2 =
grass, 3 = grazed; associated
upland conditions are listed in
Table 1.

contain a coldwater assemblage dominated by salmo-
nids and sculpin.

Following European settlement in the second half of
the nineteenth century, most of the watershed was con-
verted to agriculture. Severe erosion occurred during
the early 1900s due to the lack of soil conservation
practices (Waters 1977, Trimble and Lund 1982,
Trimble 1999). As better soil conservation practices
were implemented in upland areas under cultivation,
the range of coldwater fishes increased (Thorn et al.
1997). Soil loss from upland areas has mostly been
abated (Trimble and Lund 1982). Most sediment en-
tering streams is currently from streambank erosion
that takes place as streams cut into banks of alluvial
sediment (Trimble 1993, 1997, 1999) deposited from
the uplands prior to 1940 (Trimble 1999, Trimble and
Lund 1982). Current land use in the watershed is 46%
in cropland, 25% pasture, 24% woodland, and 5% in
other land uses (Minnesota Pollution Control Agency
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Table 1. Land classification, riparian type and stream type of Whitewater River sampling sites for 1996 and 19972
Upland Upland Buffer Stream

Site Branch use class type type County
South 1* Upper South Row crop BMP Grass Warm Olmsted
South 2% Upper South Grazed Conv Grazed Warm Olmsted
South 3 Upper South Row crop Conv Wooded Warm Olmsted
South 4 Upper South Row crop BMP Grazed Warm Olmsted
South 5 Upper South Row crop Conv Wooded Warm Olmsted
South 6 Lower South Wooded BMP Wooded Cold Winona

South 7 Lower South Grazed Conv Grazed Cold Winona

South 8 Lower South Wooded BMP Wooded Cold Winona

South 9 South Trib. Grazed BMP Wooded Cold Winona

South 10 South Trib. Grazed BMP Wooded Cold Winona

South 11 South rib. Wooded BMP Wooded Cold Winona

Middle 1 Upper Middle Row crop Conv Wooded Warm Olmsted
Middle 2* Upper Middle Row crop Conv Grass Warm Olmsted
Middle 3 Upper Middle Row crop Conv Grazed Warm Olmsted
Middle 4* Upper Middle Row crop Conv Grazed Warm Olmsted
Middle 5 Upper Middle Row crop/ BMP Wooded Warm Olmsted

grazed

Middle 6 Upper Middle Row crop BMP Grass Warm Olmsted
Middle 7 Middle Trib. Grazed Conv Grazed Cold Olmsted
Middle 8 Middle Trib. Grazed Conv Grass Cold Olmsted
Middle 9 Upper Middle Grazed Conv Grazed Cold Olmsted
North 1* Upper North Row crop BMP Grazed Warm Wabasha
North 2% Upper North Row crop BMP Grass Warm Wabasha
North 3 Upper North Row crop BMP Wooded Warm Wabasha
North 4%* Upper North Row crop Conv Wooded Warm Wabasha
North 5 Upper North Row crop BMP Wooded Warm Wabasha
North 6 Upper North Wooded BMp Wooded Cold Wabasha
North 7 Upper North Grazed Conv Grass Cold Wabasha

“Asterisks indicate sites sampled only in 1997. BMP = best management practice, Conv = conventional practice.

1996). However, cropland is disproportionately
(>70%) represented along the warmwater reaches in
the glaciated, relatively flat area where the streams
originate. When the main branches enter coldwater
reaches in the Driftless Area, cropland is replaced by
broad forested areas, primarily wildlife management
areas administered by the Minnesota Department of
Natural Resources. Thus, cropland is the dominate
land use in the catchment areas upstream of most sites.

Study sites were selected and classified based on
upland and riparian land use. Upland land use at a site
was classified as a BMP if no-till, reduced tillage, or
contouring was in place; otherwise, the site was classi-
fied as conventional. Uplands were designated as the
local farmstead on either side of the stream adjacent to
the riparian zone. Riparian buffers were classified by
their dominant vegetation type: ungrazed grass, grazed
grass, or wooded within 150 m of the stream. In 1996,
20 sites were sampled; in 1997, seven additional sites
were sampled, for a total of 27 sites (Table 1, Figure 1).
Sites were added in 1997 so that the number of sites in
each combination of upland and riparian land use was
more balanced. Buffer width varied significantly with

buffer type (P = 0.075). In 1997, wooded buffers
(94 = 14 m) were wider than grass buffers (32 = 16 m),
with grazed buffers (74 £ 15 m) intermediate and not
significantly different than wooded areas.

Eight sites were located in the coldwater portion of
the watershed, and all others were in warmwater por-
tions of the watershed (Table 1). Sites were closely
grouped along six stream segments to minimize varia-
tion in large-scale influences (i.e., soil type, topogra-
phy, or surficial materials of the watershed and stream
order) within each group. Sites were located in third-
and fourth-order reaches in all main branches of the
Whitewater, as well as along two second-order tributar-
ies to minimize hydraulic differences.

Physical Habitat

Sampling was conducted in August and September
each year using a transect method based on mean
stream width (MSW), following the protocol of Simon-
son et al. (1994). Sampling sites were chosen at the
downstream end of the appropriate buffer type. MSW
for a site was determined by averaging 10 width mea-
surements. Sites that were 5-m or less in width were



sampled with 13 transects spaced 3 MSW apart. Sites
wider than 5-m had 20 transects spaced 2 MSW apart.

A portion of the instream measures was taken at four
evenly spaced points along each transect. At each point,
depth was measured using a wading rod, velocity was
measured at 0.6 of total depth using a Marsh-McBirney
Model 2000 flowmeter, substrate composition was esti-
mated visually based on a modified Wentworth scale
(Bovee and Cochnauer 1977), and embeddedness was
estimated visually to the nearest 20% (Platts et al.
1983). The mean of four variables was estimated visu-
ally to the nearest 5% within a section of the stream 1
MSW in length, centered on the transect: the percent
of stream shaded by the canopy at noon, percent riffle,
pool, or run; percent of exposed soil along the stream-
bank; and percent cover for fish 200 mm or larger.
Habitats included as cover were overhanging bank veg-
etation, woody debris, instream vegetation, and boul-
ders.

Riparian measures were taken on only one stream-
bank per transect, alternating the side measured. The
width of the riparian buffer was measured to the near-
est meter. The percentage of the vegetation as grass,
forb, tree, and shrub was estimated visually to the near-
est 5% for each category along the transect. The length
of overhanging vegetation where the transect inter-
sected the streambank was measured to the nearest
0.1 m. Data were aggregated across all transects for
each site to calculate mean values.

Invertebrates

Invertebrate sampling was conducted during the
first week of June each year based on the US EPA Rapid
Bioassessment Protocol III (RBP) (Plafkin et al. 1989).
Separate invertebrate samples were collected at each of
the first three riffles encountered above the down-
stream end of the study reach. Invertebrates were sam-
pled using a kick net (30 sec/sample) in a high velocity
and a low velocity portion of each riffle, and combined
into a composite sample for a total of three samples per
study reach.

Three coarse particulate organic matter (CPOM;
decaying leaves and wood) samples were collected at
each site. Each CPOM sample was covered with water
and agitated; then the water, suspended debris, and
organisms were poured through a 0.419-mm-mesh
sieve. This procedure was repeated five times to ensure
that most invertebrates were dislodged. All inverte-
brates and debris from the kick net and CPOM samples
were preserved in 70% ethanol for later sorting and
identification.

In the laboratory, invertebrates were sorted, identi-
fied, and counted following the 100 fixed-count
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method of Plafkin et al. (1989) for the kick net and
CPOM samples. This methodology may underestimate
site quality by underestimating taxa richness, but rela-
tive comparisons among sites should not be biased
(Hilsenhoff 1987, Plafkin et al. 1989, Sovell and Von-
dracek 1999). Invertebrates other than chironomids
were identified to the taxonomic level where Hilsen-
hoff (1987) assigned tolerance values, usually genus or
species. Chironomidae were classified to subfamily as
either blood red or not-blood red and assigned toler-
ance values based on a family level biotic index (Hilsen-
hoff 1987). All identified organisms were classified to
functional feeding group to calcultate RBP scores fol-
lowing Merritt and Cummins (1996). For our analysis,
we used a mean of the three riffle and three CPOM
samples at each site.

RBP metrics were calculated for each sample; how-
ever, only mean site values are reported. Mean values
for each site were compared to a reference site to
generate a score for that site. Due to the lack of a
suitable reference site in the area, the highest scoring
site among those sampled was used as a reference. This
may potentially bias scoring to make all sites appear
higher in quality than if a truly high-quality reference
site was used. However, this study is intended to com-
pare sites with each other and not with sites outside the
region; thus any introduced bias should have little im-
pact on interpretation.

Fish

Fish were collected in late June/early July using a
backpack electrofisher in 150-m stream reaches, rather
than the minimum of 35 times MSW recommended by
Lyons (1992a). Only for sites that were <4.3 m wide did
we satisfy Lyons’ (1992a) protocol, but for the following
reasons we contend an adequate distance was covered
in the streams that were >4.3 m wide. Species diversity
was low, especially at coldwater sites, making it easier to
capture all species present. Furthermore, sampling
three riffle/pool sequences is considered adequate
(Lyons 1992a), and we fulfilled this condition at all
sites. Most captured fish were identified on site and
released. Specimens not identified were preserved in
70% ethanol and identified in the laboratory following
Smith (1989).

Coldwater and warmwater fish assemblages differ in
their functional components and response to water
quality degradation. Therefore, data were analyzed with
two separate IBIs. Sites designated as trout waters by the
Minnesota Department of Natural Resources and that
contained trout were classified as coldwater sites. All
other sites were classified as warmwater. For warmwater
sites, we used an IBI developed by Lyons (1992b). For
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Table 2. Values for physical habitat variables significantly different across buffer types in Whitewater River

watershed in 1996 and 1997

Buffer Type (mean * SE)

Variable Wood Grass Grazed P
1996
Width-to-depth 7.7+ 3.0 8.2 = 4.7 8.3 3.9 0.905
% Cover 10.8 + 4.7 179 + 7.4 12.8 £ 6.0 0.752
% Fines 52.8 = 4.5 22.8 £ 7.1 46.7 £ 5.9 0.030
Embeddedness 66.2 = 5.5 53.65 = 10.91 38.4 £ 8.7 0.041
Exposed bank 31.7 = 5.1 12.4 = 8.0 10.0 £ 6.6 0.072
Overhanging 0.10 = 0.11 0.85 = 0.18 0.20 = 0.14 0.052
vegetation
1997
Width-to-depth 6.1 £ 0.5 4.1+0.5 5.0 0.5 0.078
% Cover 7.7+1.8 17.4 = 2.0 79+ 1.8 0.014
% Fines 60.0 = 4.0 387+ 4.3 59.8 = 4.0 0.019
Embeddedness 69.5 = 3.3 54.9 = 35 72.6 £ 3.2 0.018
Exposed bank 44.6 = 4.5 4.1 £4.8 277+ 4.4 <0.001
Overhanging 0.32 = 0.06 0.81 = 0.07 0.27 +0.06 <0.001
vegetation

coldwater sites, we used a coldwater IBI developed for
use in streams in the upper midwestern United States
(Mundahl and Simon 1999). Because comparisons be-
tween scores from the two IBIs are difficult due to
differences in metrics, analyses of fish data were per-
formed separately for warmwater and coldwater sites.

Statistical Analysis

Physical habitat, invertebrate, and fish scores among
sites were compared using a factorial analysis of covari-
ance (ANCOVA). The ANCOVA model used buffer
and upland land use as main effects and included
buffer X upland interaction, with buffer width as a
covariate and stream segment as a blocking variable.
Due to high variability common in observational field
experiments, all tests were considered significant at
P = 0.10. When a significant difference was found
using ANCOVA, groups were compared using Tukey’s
Honestly Significant Difference test for multiple com-
parisons. ANCOVA and multiple comparisons were car-
ried out using the MACANOVA statistical program
(Bingham and Oehlert 1998).

We investigated effects of instream physical habitat
on invertebrates and fish using redundancy analysis
(RDA), a constrained form of multiple regression of a
multivariate set of predictor variables on a multivariate
set of response variables, in the Canoco computer pro-
gram (ter Braak 1987-1992). All variables were stan-
dardized to unit variance prior to analysis to correct for
measurements taken with different units. RDA was per-
formed using instream physical habitat measures as
explanatory variables and either invertebrate RBP or

fish IBI metrics as response variables. The significance
of the RDA model was tested using a Monte Carlo
permutation (ter Braak 1987-1992). I'values generated
from each Monte Carlo permutation are compared
with the F value for the original set. If the original F
value was among the highest 5% of 100 random sets,
the ordination was considered significant (ter Braak
1987-1992).

Variables with a correlation >0.50 from the RDA
were considered strong predictors. Strong predictors
were regressed versus either RBP or IBI score using
linear and multiple regression to illustrate the relation-
ship between physical habitat variables and fish or in-
vertebrate assemblages.

Results
Physical Habitat

No significant differences were noted in physical
habitat variables between sites in different upland land
use. However, significant differences in physical habitat
measures were detected among sites with different ri-
parian buffer types (Table 2). Buffer width was used as
a covariate because greater benefits were expected
from wider buffers (e.g., Petersen et al. 1992). This
relationship was confirmed; percent fines and embed-
dedness were both significantly and negatively corre-
lated with buffer width in both 1996 (** = 0.342, P =
0.008) and 1997 (¥ = 0.248, P = 0.010). In general,
physical habitat characteristics along grass-buffer sites
were significantly different from wooded sites, whereas
grazed buffers were intermediate.



Width-to-depth ratio and percent cover were signif-
icantly different across buffer types in 1997 (Table 2).
Width-to-depth ratios were significantly higher (P =
0.078) along wood-buffered sites than in grass-buffered
sites, whereas grazed sites were not significantly differ-
ent from wooded or grass sites. Percent cover was sig-
nificantly higher (P = 0.014) along grass-buffered sites
than along wood sites or along grazed sites. A portion
of the difference can be accounted for by overhanging
vegetation length, which was significantly higher (P <
0.001) along grass-buffered sites than along either
wooded or grazed sites.

Instream substrate was significantly different across
buffer types in both 1996 and 1997, primarily due to
differences in fine particles (clay, silt, and sand =0.062
mm) (Table 2). In 1996, percent fines were signifi-
cantly lower (P = 0.030) along grass-buffered sites
than along wooded sites; grazed sites were intermediate
and not significantly different from other buffer types.
In 1997, percent fines were significantly lower (P =
0.019) along grass-buffered sites than either wooded or
grazed buffers. This relationship was evident even
though grass buffers were narrower than grazed or
wooded areas. Embeddedness was significantly lower
(P = 0.041) in 1996 along grass-buffered sites than
along grazed sites, with wood sites intermediate. In
1997, embeddedness was significantly lower (P =
0.018) along grass buffers than along grazed or wooded
sites. Although embeddedness was lower, mean values
along grass buffers were >40% in 1996 and 1997.

The amount of exposed streambank was significantly
different across buffer types (Table 2). In 1996, percent
exposed streambank was significantly higher (P =
0.072) along wooded sites than along grazed or grass-
buffered sites. In 1997, percent exposed streambank
was significantly lower (P < 0.001) along grass-buff-
ered sites than along wooded or grazed sites.

Invertebrates

We collected 100 invertebrate taxa across all sites in
1996 and 1997 (Nerbonne 1999). We found no signif-
icant differences in RBP scores (range 6-38 of a possi-
ble 48) across upland land use or riparian buffer type in
either 1996 or 1997, indicating similar invertebrate as-
semblages. The Monte Carlo test of the RDA using 1996
data was not significant (P = 0.400); thus, no conclu-
sions could be drawn. However, the RDA of inverte-
brate data collected in 1997 indicated significant cor-
relations (P = 0.010) between several physical habitat
and invertebrate metrics (Figure 2). The first two axes
of the RDA for 1997 physical habitat variables ex-
plained 51% of the variance in invertebrate metrics,
with the first axis explaining 47% of the variance.
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Figure 2. The first two RDA axes for invertebrate metrics
from 1997. RBP metrics are displayed as closed circles and
physical habitat as arrows. EPT = Ephemeroptera, Plecoptera,
and Trichoptera; EPT/chir = number of EPT/number of
Chironomidae; HBI = Hilsenhoff biotc index; W/D = width-
to-depth ratio.

Within the first axis, most of the variation in inverte-
brate metrics was explained by embeddedness and to a
lesser extent by percent riffle and width-to-depth ratio
(Figure 2). HBI, community loss, and percent domi-
nance, all indicators of a pollution tolerant assemblage,
were positively associated with embeddedness and neg-
atively associated with width-to-depth ratio and percent
riffle habitat. Number of EPT taxa, number of species,
and ratio of EPT to chironomids, all indicators of a
pollution intolerant assemblage, were negatively associ-
ated with embeddedness and positively associated with
width-to-depth ratio and percent riffle.

Physical habitat variables that explained a majority
of variance in invertebrate data were significantly cor-
related with RBP scores, but explained only 25%-36%
of the variance (Table 3). RBP scores were positively
correlated with width-to-depth ratio (P = 0.010) and
negatively correlated with embeddedness (P = 0.019)
and percent fines (P = 0.067). Including width-to-
depth ratio and either percent fines or embeddedness
in a multiple-regression versus RBP score increased
variance explained to 42% when embeddedness was
used or to 37% with percent fines. Adding percent riffle
as a third explanatory variable resulted in only negligi-
ble increases in variance explained. Embeddedness and
percent fines were highly correlated and therefore not
included in the same multiple regression.

Fish

We collected 25 species of fish across all sites in 1996
and 1997 (Nerbonne 1999). ANCOVA revealed no sig-
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Table 3. P and r? values for rapid bioassessment
protocol (RBP) and index of biotic integrity (IBl) scores
in relation to width-to-depth ratio, percent fines, and
embeddedness

Variable P I
RBP
Width-to-depth ratio 0.010 0.247
Percent fines 0.067 0.279
Embeddedness 0.019 0.364
IBI
Width-to-depth ratio 0.002 0.689
Percent fines 0.058 0.288
Embeddedness 0.070 0.230

nificant differences in coldwater (range 5-110 of a
possible 120) or warmwater (2-37 of a possible 100) IBI
scores across upland land use or riparian buffer types in
either 1996 or 1997.

In both years, coldwater sites were too few in num-
ber to perform RDA analysis. The Monte Carlo permu-
tation of the RDA using warmwater fish data collected
in 1996 was not significant (P = 0.49); therefore, no
conclusions could be drawn. However, for warmwater
sites in 1997, the first RDA axis explained 38% of the
variance in warmwater metrics, and the second axis
explained 23%. The Monte Carlo permutation indi-
cated that the model was significant (P = 0.01). The
first axis was associated with embeddedness, cover, and
width-to-depth ratio (Figure 3). Percent carnivore, per-
cent lithophil, and percent invertivore were negatively
correlated with higher embeddedness. Percent cover
was positively associated with percent lithophil and per-
cent carnivore, whereas width-to-depth ratio was posi-
tively associated with percent invertivore and negatively
associated with percent tolerant. The second axis was
primarily associated with velocity, which was negatively
associated with percent omnivore.

IBI scores were positively correlated with width-to-
depth ratio (P = 0.002, Table 3) and negatively cor-
related with percent fines (P = 0.058) and embedded-
ness (P = 0.070) in 1997. Including either percent
fines or embeddedness and width-to-depth ratio in a
multiple regression versus IBI scores increased variance
explained to 70%-71%.

Discussion

Riparian land use and management appear to be
more important than upland land use in shaping in-
stream physical habitat at local scales in the Whitewater
River basin. Differences in physical habitat across buffer
types can be viewed as responses within a hierarchical
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Figure 3. The first two RDA axes for warmwater fish metrics
from 1997. IBI metrics are displayed as closed circles and
physical habitat as arrows. W/D = width-to-depth ratio.

structure where finer-scale physical characteristics are
nested within larger-scale influences (Frissell et al.
1986, Hawkins et al. 1993). While large-scale processes
determine the potential range of states for nested lev-
els, local-scale characteristics can exert considerable
influence on conditions within that range. Within the
constraints set at the watershed level, local-scale ripar-
ian characteristics resulted in differences in instream
physical habitat in our study. Physical habitat variables
that significantly related to riparian land use fell into
three interrelated categories: channel characteristics,
substrate, and instream cover.

During the early twentieth century, erosion rates in
the region were extremely high and a large amount of
alluvium was deposited in stream valleys (Waters 1977);
however since 1940 upland sediment movement has
been significantly reduced (Trimble and Lund 1982).
In response to the reduced sediment delivery, trout
have expanded into their former range after improve-
ments in upland management practices since the 1970s
(Thorn et al. 1997). Streams are now cutting into banks
of the historically deposited alluvial sediment (Trimble
1993). A study in the Driftless Area, including the
Whitewater River, by Trimble (1997) suggests that grass
buffers would reduce sediment yields relative to
wooded buffers. Trimble (1997) found that width-to-
depth ratios of streams in the Driftless Area were sig-
nificantly lower along grass-buffered sites than sites with
a wooded buffer. Grass channels tended to stay in
place, while wooded channels tended to widen over
time. Differences in width-to-depth ratio were attrib-
uted to grass streambanks holding alluvial soil in place.
Outside the Driftless Area, streams with grass-buffers



have been shown to have narrower and deeper chan-
nels than wood-buffered streams (Peterson 1993,
Sweeny 1993, Davis-Colley 1997, see also review by
Lyons et al. 2000).

Channel shape may also explain differences in fine
sediment in the streambed across buffer types. We
found that the width-to-depth ratio was higher along
wooded than along grass-buffered sites, possibly due to
streambank erosion along wooded sites. As stream
width increases relative to depth, the velocity of the
stream is reduced and the settling velocity for fine
particles may be reached (Gordon et al. 1992). In con-
trast, deeper and narrower channels found along grass
buffers may have higher water velocities, facilitating
sediment transport (Allan 1995). Although not quanti-
fied in our study, bank, bed, and wood can increase
hydraulic roughness, which can result in streambeds
dominated by fine particles (Buffington and Montgom-
ery 1999).

Stream substrate composition was related to buffer
width and vegetation type. Riparian buffers can reduce
sedimentation into the streambed via two pathways:
reducing channel erosion by increasing streambank
stability or by filtering sediment from overland runoff.
We found lower percent fines in relation to increased
buffer width, which suggests greater filtration of sedi-
ment from overland runoff in wider buffers (Erman et
al. 1977, Neibling and Alberts 1979, Dillaha et al. 1989,
Osborne and Kovacic 1993). Relative to vegetation type,
percent fines were lowest along grass buffers and high-
est along wood buffers. In our study, any buffer that was
at least 150 m wide had relatively low (<50%) fine
material in the streambed; however only grass buffers
had <50% fines in the streambed when buffer width
was <100 m (Nerbonne 1999). Grass buffer strips have
been shown to be highly effective at filtering suspended
sediment from agricultural runoff (e.g., Osborne and
Kovacic 1993, Barling and Moore 1994, Rabeni and
Smale 1995, Daniels and Gilliam 1996) and reducing
streambank erosion (Trimble 1993, 1997). Grazed sites
reflected intermediate fine sediment in the streambed
likely due to the reduced ability of buffers to filter
sediment (Barling and Moore 1994, Trimble and Men-
del 1995).

Higher percent fines and exposed streambank soil
found along wooded buffers may be related to the
quality of buffers in the Whitewater basin. A majority of
wooded buffers was dominated by boxelder, Acer ne-
gundo, a fast-growing, short-lived, invasive tree species.
Dense growth of boxelder in wooded buffers typically
shades the understory completely, and although no
quantitative surveys of vegetation were conducted, only
sparse understory vegetation was observed in wooded
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buffers. The lack of understory may limit filtration of
sediment from overland runoff and could lead to
higher percent fines in the stream.

Although many riparian studies have associated
wooded buffers with improved water quality (Mont-
gomery 1997), there are compelling differences be-
tween these studies and ours. Comparisons have often
been made across different types of buffers, but they
either did not consider grass buffers (Schlosser and
Karr 1981, Peterjohn and Correl 1984) or they con-
trasted wooded and grass buffers only in the western
United States (e.g., Beschta and Platts 1986, Erman et
al. 1977), where trees provide the dominant riparian
vegetation.

Although we found many differences in physical
habitat across buffer types, the lack of differences in
relation to upland land use was surprising. Numerous
studies have shown strong influences of upland land
use on physical habitat and biotic communities (Troel-
strup and Perry 1989, Richards et al. 1993, Richards and
Host 1994, Wang et al. 1997). Our study differs from
previous work in that we considered only local (farm-
stead) upland land use, whereas other studies exam-
ined land use for the entire watershed. We concen-
trated on specific agricultural practices rather than
broader categories such as forested, agricultural, and
urban land use, possibly reducing the contrast between
practices.

Finding strong local influence may have been due in
part to our study design as well. Allan et al. (1997)
found that the results of land-use studies may depend
on the design of the experiment. Two studies, con-
ducted within the same watershed, reached different
conclusions: a study that examined several sites along
only a few tributaries indicated that local riparian land
use was important (Lammert 1995, see also Lammert
and Allan 1999), whereas a study with one to two sites
on several different tributaries suggested that water-
shed-wide land use was most important (Roth et al.
1996). Our study was similar to the former, so it is not
surprising that we concluded that local riparian land
use is more important.

We anticipated that differences in substrate quality
across buffer types in both 1996 and 1997 would be
reflected in fish and invertebrate assemblages. Contrary
to our expectations, there were no differences in either
RBP or IBI scores across land-use or buffer types. How-
ever, there are other examples where IBI scores did not
reflect physical habitat or land-use changes (Karr et al.
1987, Shields et al. 1995, Lammert and Allen 1999).
The lack of improvement in IBI scores could be due to
the highly mobile nature of fish, which may explain the
lack of differences in fish assemblages across buffer
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types in our study. Sensitive species could occupy de-
graded areas and utilize refuges of good habitat for
critical portions of their life cycle, such as overwintering
and spawning (Schlosser 1995).

Although the present study focused on local differ-
ences among sites, many factors that shape invertebrate
and fish assemblages function on much broader scales.
Watershed topography, surficial materials, and land use
have strong control over many factors important to
invertebrates and fish, such as temperature, discharge,
flood frequency and magnitude, and delivery of sedi-
ment and nutrients (Troelstrup and Perry 1989). Dif-
ferences in substrate among local buffer types may be
less relevant to fish and invertebrate assemblages due to
the overriding importance of watershed topography
and surficial materials, which affect factors important
to biota such as groundwater input, gradient, and sub-
strate material. Several studies have shown differences
in invertebrate (Richards et al. 1993, 1996, Richards
and Host 1994, Lenat and Crawford 1994) and fish
(Wang et al. 1997) assemblages, but comparisons were
of land use among watersheds, not local sites. It may be
that incorporation of broad-scale influences is neces-
sary to explain variation in biotic communities.

Alternatively, the lack of differences in IBI and RBP
scores across buffer types for percent fines and embed-
dedness may have been statistically different but not
biologically different. For example, embeddedness was
significantly different across buffer types, but along
grass buffers, where embeddedness was lowest, embed-
dedness was often above 50%. When 50% of the sub-
strate is covered, much of the interstitial space required
by pollution sensitive invertebrates (Minshall 1984) and
spawning fish (Muncy et al. 1979) is lost.

It is also possible that other factors besides channel
characteristics, substrate, and instream cover are shap-
ing biotic communities. Dissolved oxygen concentra-
tions (Hilsenhoff 1982, 1987, Plafkin et al. 1989), nu-
trient loading (Lenat and Crawford 1994, Lemly 1982),
and toxic substances such as pesticides related to broad-
er-scale land use can all negatively impact fish and
invertebrates and may explain the remaining variance
in biotic communities. One or more factors may be
shaping fish and invertebrate assemblages, but because
many measurements were beyond the scope of this
project, their impact on the biota is unknown and
therefore may warrent further study.

In conclusion, this study suggests that to reduce
sedimentation in agricultural areas, riparian manage-
ment will show greater effectiveness at the local scale
than at the upland scale. Although upland land use was
not a significant factor in this study, the expansion of
trout to their former range after improvements in up-

land management practices (Thorn et al. 1997) indi-
cates the importance of maintaining and perhaps ex-
panding upland BMPs. The ability of grass buffers to
maintain streambank stability and low sediment con-
tent in stream substrates suggests they may be a viable
riparian management option to add a diversity of hab-
itats for fish and invertebrates (Lyons et al. 2000).
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